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ABSTRACT
1. The response of ﬁsh, sea urchins, benthic cover, herbivory, and predation on sea urchins were studied over a 14-year
period in and out of a recently established fully closed and ﬁshed atoll reef lagoon of the remote Glover’s Reef, Belize.
2. Closure from ﬁshing was predicted to result in the recovery of predatory ﬁsh and herbivores, herbivory rates, and
subsequently reduce erect algae and lead to the recovery of herbivore resistant and calcifying taxa such as hard corals
and calcifying algae. Recovery of predatory ﬁshes was the largest response to closure and the herbivore response was
weak and no corals and calcifying algae changed in the predicted direction.
3. Hard corals declined where they were most abundant and all sites appear to have reached a stable point of ~15%
cover by the end of the study. Generalized and possibly opportunistic carnivores, such as jacks, barracuda, groupers,
snappers, grunts, and sparids showed the greatest increases and there was a trend towards more small-bodied
herbivores such sea urchins and damselﬁsh in the open and a slight gain in large herbivores in the closed area, but
this had little effect in increasing total herbivory.
4. Factors that may have inﬂuenced this unexpected response include: (1) a complex food web that did not produce
a simple cascade response; (2) attenuation of the cascade effect towards the lower trophic levels; (3) insufﬁcient
compliance, closure time, and space; (4) a post- rather than pre-disturbance establishment of the closure; 5) habitat
or site speciﬁcity; and (6) overriding environmental disturbances, such as oceanographic oscillations and a warming
climate.
5. The results suggest a need to further evaluate ﬁsheries management systems, contingencies, and interventions that
will promote coral reef resilience to climate change and ecosystem sustainability.
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INTRODUCTION
Coral reefs in the Caribbean have experienced an unprecedented
ecological change in the past three decades (Aronson et al., 2003,
2005) that has seen an 80% decline in the cover of hard coral and
associated reef complexity (Gardner et al., 2003; Alvarez-Filip
et al., 2009; Schutte et al., 2010). Non-erect turf algae have
colonized some exposed surfaces of some reefs (Bruno et al.,
2009), while others have exhibited an increase in erect algae
(Levitan, 1988; Carpenter, 1990; Shulman and Robertson,
1996; McClanahan and Muthiga, 1998). Some investigators
have described this change as an ecological phase shift or an
alternative stable state (Hughes, 1994; Dudgeon et al., 2010),
attributable to a top-down trophic cascade resulting from a

reduction in the rate of herbivory (Petraitis and Dudgeon, 2004;
Mumby et al., 2006a). Many investigators attribute this shift to
the loss of herbivores, both ﬁsh and sea urchins, and consider
ﬁshing restrictions and closures as a primary way to manage
and possibly reverse this change (Jackson et al., 2001; Hughes
et al., 2003; Pandolﬁ et al., 2003; Bellwood et al., 2004; Mumby
et al., 2006a, 2007a, 2007b; Cinner et al., 2009). Some investigators
see reef degradation in the Caribbean as the long-term failure of
local-level ﬁsheries management and the inability of reef scientists
to agree on the major causes and suggest local-level management
solutions (Pandolﬁ et al., 2005) while others see it as a result of the
massive decline and poor recovery of the sea urchin Diadema
antillarum or recent climatic shift that is only partially manageable
at the local level (Aronson and Precht, 2006; Dudgeon et al., 2010).
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The death of corals is often associated with diseases, warm
water, and hurricanes (Mumby, 1999; Aronson et al., 2003,
2005; Schutte et al., 2010) while other studies suggest that corals
lose the competition with erect algae when nutrient loads
increase (Lapointe et al., 2004). The issue is hard to resolve
because of the difﬁculty of separating the effects of nutrients
and heavy ﬁshing pressure from possible climatic change that
would affect both onshore and offshore ecosystems (Sotka and
Hay, 2009). The observed changes are not, however, just limited
to areas close to shore or those associated with large human
populations, in some cases nearshore areas appear to be less
affected than offshore areas (Lirman and Fong, 2007). Coral
mortality and dominance of erect algae is also common on
remote coral reefs (McClanahan and Muthiga, 1998; Ostrander
et al., 2000; Gardner et al., 2003; Kramer, 2003; Bruno et al.,
2009) and the high erect algal abundance cannot always be
explained by the lack of abundance of reef herbivores (Williams
and Polunin, 2001). Changes appear to be persistent such that,
with few exceptions (Edmunds and Carpenter, 2000; Idjadi
et al., 2006), stony coral populations, particularly in the
Caribbean, show little sign of recovery after disturbances and
the establishment of erect algae (Connell, 1997; Baker et al.,
2008; Schutte et al., 2010).
The potential to shift reef ecology back to coral dominance
has only recently been explored through short-term algal
reduction experiments, but these restoration methods have
largely been unsuccessful over the period of one year when
herbivore numbers were low (McClanahan et al., 2001).
Attempts have also been undertaken to manipulate coral and
algal cover, and nutrients on relatively small scales (Miller
et al., 1999; McClanahan et al., 1999; Thacker et al., 2001;
Williams and Polunin, 2001; Williams et al., 2001; Sotka and
Hay, 2009). Experiments to manipulate herbivory on the small
scale have also been popular, mostly using small to moderate
herbivore exclusion cages (Carpenter, 1986; Lewis, 1986;
Miller et al., 1999; Smith et al., 2001; Thacker et al., 2001;
Diaz-Pullido and McCook, 2003; Jompa and McCook, 2003)
or the local redistribution of the algal-feeding sea urchin Diadema
antillarum (Macia et al., 2007), which is associated with coral
recovery in a few places where their numbers have recovered
(Dudgeon et al., 2010; Hughes et al., 2010).
These small-scale experiments suggested that there is potential
to reduce algae through manipulation of herbivores, and results
promoted the call for more marine protected areas (MPAs) after
the loss and poor recovery of the herbivorous sea urchin, D.
antillarum, in 1983 (Hughes, 1994; Lessios et al., 2001; Mumby
et al., 2006a). Increased herbivory and coral recruitment in the
Bahamas MPAs with high parrotﬁsh abundance further
supported this management intervention (Mumby et al., 2006a;
Mumby, 2009a; Mumby and Harborne, 2010). MPAs and
ﬁsheries closures are seen by many as the main way to mitigate
the effects of climate change and to enhance recovery of corals
often believed to be lost due to competition with algae or unable
to recover after algae dominated the benthic substratum
(Hughes et al., 2003, 2007; West and Salm, 2003; Bellwood
et al., 2004; Mumby et al., 2006a).
An unresolved issue, however, is to what extent high
herbivory has to be present before the time of the disturbance,
or if an increase after the disturbance can quickly and
successfully reverse a phase shift (Idjadi et al., 2006;
McClanahan, 2008; Dudgeon et al., 2010). A meta-analysis of
coral cover change in MPAs and unprotected reefs found that
Copyright # 2011 John Wiley & Sons, Ltd.
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it was largely the oldest ﬁsheries closures that were able to
resist the effects of climatic disturbances and, in the
Caribbean, coral cover declined up to 14 years after the
establishment of the MPA (Selig and Bruno, 2010). Similarly,
it can be decades or more before herbivorous ﬁsh populations
increase inside ﬁsheries closures (McClanahan et al., 2007a).
Additionally, even when herbivore numbers increase, coral
cover does not necessarily increase (Newman et al., 2006).
Consequently, the efﬁcacy of post-disturbance management in
promoting the recovery of coral reefs remains an area of
applied coral reef science that is promoted based on
reasonable ecological theory, some experimental, case studies,
and assumptions. Nevertheless, the possibility of stabilizing
feedbacks, ecological hysteresis, and overriding alternative
disturbances has not been well explored with empirical ﬁeld
studies at the scale of the management application.
The extrapolation of small-scale and short-term studies to
large-scale managed phase-shift reversals is likely to be
fraught with scaling problems that are associated with the
complexity of ecosystems, the time and spatial scale of
ecological processes, and the continual change in the
biophysical environment. In addition, the alternative
explanation or hypothesis that changes are not a top-down
phase shift driven by small but critical changes in key
processes, such as herbivory, but rather a gradual or
punctuated change to a resilient alternative state driven by
physico-chemical environmental changes (Petraitis and
Dudgeon, 2004; McClanahan et al., 2007b) has only been
tested from recent geological records (Aronson et al., 2005)
and discussion on the interpretation of the recent geological
record is ongoing (Aronson et al., 2003; Pandolﬁ et al., 2003).
There is no reliable way to test the above hypothesis on a
convincing scale apart from through the establishment and
long-term monitoring of full-closure MPAs that are larger than
a few square kilometres and far enough from shore and human
population density to minimize the stronger water quality
effects. This is because environmental disturbances that can
control corals and override herbivory effects are likely to occur
on time scales such as the El Niño Southern Oscillation
(ENSO), of four years or longer (Huppert and Stone, 1998).
The creation of MPAs is likely to result in complex species
responses that will not just increase herbivore numbers but
result in complex ecological interactions and responses. For
instance, a recent study of coral recovery in the MPAs of
Kenya after the 1998 ENSO found that many of the large
parrot and triggerﬁshes in MPAs fed on or were destructive to
corals and ENSO disturbance resulted in a shift towards
predator-tolerant coral taxa (McClanahan et al., 2005;
McClanahan, 2008). Caribbean studies have also found heavy
predation on corals by parrotﬁsh (Littler et al., 1989; Rotjan
et al., 2006). Consequently, the rates of corallivory and
herbivory and the abundance of the coral and algal taxa could
determine the long-term outcomes of the coral–algal dynamic
(Rotjan and Lewis, 2008). Mumby (2009a) reviewed this subject
for the Caribbean and concluded that parrotﬁsh herbivory and
corallivory generally had a net beneﬁt for corals and that the
protection of parrotﬁsh could assist the recovery of corals from
climate change disturbances (Mumby and Harborne, 2010).
Another important factor to consider when evaluating
hypotheses is the time and spatial scale of recovery of tropical
MPAs. Meta-analysis of closures of different ages have
suggested the changes are ‘rapid and long lasting’ (Halpern
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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and Warner, 2002), but a number of more site-speciﬁc studies in
the Indo-Paciﬁc suggest that the recovery time of some key
factors, such as ﬁsh biomass, is ~ 25 years (Russ and Alcala,
2004; Russ et al., 2005; McClanahan et al., 2007a) and
dependent on issues such as MPA size and management
compliance (McClanahan et al., 2009; Pollnac et al., 2010).
The only published study of recovery of coral reef
herbivorous ﬁsh from the beginning of a ﬁshing closure,
suggests recovery is slow, possibly slower than the recovery
times of many carnivores with full recovery times >40 years
of closure (McClanahan et al., 2007a). In contrast, a recent
long-term study in the Caribbean found that one reef
herbivore, the ocean surgeonﬁsh, had life-history
characteristics that prevented it from being greatly affected by
ﬁshing (Robertson et al., 2005) and this species can play an
important role in controlling herbivory and coral condition
(Burkepile and Hay, 2010). Nevertheless, herbivore numbers
have declined annually at ~4% between 1996 and 2007
throughout the Caribbean (Paddack et al., 2009).
Meta-analysis type spatial comparisons of ecosystems and
closures in space have shown patterns consistent with the
top-down cascade hypothesis (Newman et al., 2006; Mora,
2008), but spatial, comparisons are troubled by site selection
issues, their initial conditions, and are not nearly as powerful
as comparison over time in different management treatments
(MacNeil, 2008; Stewart-Oaten, 2008; Huntington et al.,
2010). Conclusions are strongest when experimental or
management manipulations are studied over long enough
periods to determine the interactions between climate, trophic
ecology, and closed area management. Top-down reasoning
has often assumed that all consumers beneﬁt from reduced
ﬁshing but the potentially top-down role that piscivores may
have on herbivorous ﬁsh and their release from ﬁshing is
unclear, not supported by simple food-chain theories (De Feo
and Rinaldi, 1997; Hairston and Hairston, 1997), and may
depend greatly on the herbivores ability to quickly achieve a
size that allows them to escape their predators (Baskett, 2006;
Mumby et al., 2006a). Consequently, there is enough
complexity in responses that simple cascade models, where all
ﬁsh consumers beneﬁt from closure management, will require
more study of reefs and long-term and large-scale case studies
(Huntington et al., 2010; Solomon et al., 2010). Given these
theories and concerns, an area fully closed to ﬁshing was
studied and data collected from the inception of this
management and across the 1998 ENSO disturbance was used
to contrast climate versus ﬁshing control hypotheses. Results
are presented in a top-down format where ecological control
is expected to cascade down from ﬁshing to consumers and
ﬁnally inﬂuence primary producers.
The objectives were, therefore, to evaluate the following
hypotheses where herbivores, climate, and other ecological
interactions were considered and it is predicted that (1)
closures would increase herbivore numbers and herbivory and
lead to declines in leathery macrophytes and erect algae and
increases in calcifying corals and algae (Hughes et al., 2003,
2007; Mumby et al., 2006a; McClanahan, 2008; Mumby and
Harborne, 2010), and (2) that the climatic disturbance, here
represented by the 1998 ENSO disturbance, was the major
cause of ecological change and that local management
through closures would have little effect on the recovery.
These hypotheses are not mutually exclusive and could
interact through interactive, synergistic or opposing inﬂuences.
Copyright # 2011 John Wiley & Sons, Ltd.

METHODS
Study area
Glover’s Reef Atoll is an area of 260 km2 dominated by coral and
seagrass and located approximately 40 km off of the Belizean
coastline (Figure 1). The atoll lagoon patch reefs in Glover’s Reef
have undergone an ecological change since Wallace (1975) ﬁrst
described them in 1970–1971. McClanahan and Muthiga (1998)
repeated his surveys in 1996–1997 and found that coral cover
had declined from 80% to 20%. Fleshy macroalgae occupied
most (75%) of the available space and biotic homogenization
had largely eliminated some of the original ecological zones.
Recognition that the ecology of this atoll had been degraded led
to the legal gazettement of the southern half of the reef as a
no-ﬁshing reserve in 1993, which slowly came into effect after
1995 and covers 70.8 km2 or approximately one quarter of the
atoll. This study focused on the patch reef environment in the
lagoon of this atoll in the Conservation zone, which is
designated as a ﬁsheries closure, and the General Use zone
where ﬁshing is regulated by the Belize Fisheries Department.
The patch reefs chosen in this study were the high complexity
(McClanahan, 1999) and high patch reef neighbourhood density
(Type II reefs) ones described by Huntington et al. (2010), which
showed the greatest response to closure.
The atoll is far from many human land-based sources of
pollution but pulsed and intermittent river inﬂuences may
inﬂuence water quality (Andréfouët et al., 2002; Cherubin et al.,
2008). Migrant ﬁshers from the Belizean mainland use spears
and hook-and-line to capture reef ﬁshes and also seasonally
collect lobster and conch (Acosta, 1999; Sala et al., 2001).

Field methods
Field data collection occurred over a 14-year period on eight
patch reefs, divided equally between the two management zones
that were repeatedly but episodically sampled across years with
sampling always undertaken between May and July. Benthic
substratum measurements were completed 10 times while sea
urchin and ﬁsh densities and predation and herbivory assays
were undertaken 8 to 10 times between1996 and 2009.

Physico-chemical measurements
Water temperature, water ﬂow, and water quality measurements
(nutrients concentrations) were taken during the middle of the
survey to test for possible differences between the two management
zones. Automated temperature gauges (Hobo temperate
gauges – Onset Corporation, Poccasset, MA, USA – accuracy
0.35  C at 25  C) were deployed in shallow water (<1 m at low
tide) and cemented under dead corals hidden from direct sunlight.
Differences in the battery lives of the gauges and other logistic
difﬁculties resulted in non-continuous comparisons for some of the
temperature data, so we present and compare only those 383 days
between July 2003 and December 2004 when there were
comparable data. Average daily temperature when the times
directly overlapped between the two management zones are
presented and differences between means were tested with a t-test.
Water ﬂow was estimated using the ‘clods’ or calcium sulfate
dissolution method (Doty, 1971). Three weighed clods were
deployed on each of the eight patch reefs at haphazard times in
2002 and 2004, clods were collected after ~24 h, dried, and
weighed again. The weight losses were converted to average
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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Figure 1. Map of Glover’s reef atoll showing the two management zones. The Conservation zone is managed as a closed area and the General Use zone
is open to ﬁshing.

current ﬂow speed (Vw = cm s–1) using the equation Vw = (Clod
change in weight – 0.932)/2.357, which was obtained by studies
of clod dissolution in a ﬂume with controlled water ﬂow (Anzai,
2001). Differences between years and management zones were
tested with a t-test.
Water samples were collected on the patch reefs haphazardly in
the summer during the mid-period of this study (2002–2004) to test
for differences in nutrient concentrations and turbidity between the
two management zones of the atoll. Water samples were collected
5–10 cm above the patch reef substratum in acid-washed 1 L
bottles and analysed for nitrite, nitrate, ammonium, soluble
phosphates, and turbidity on the day of collection. A Hach DR/
2500 spectrophotometer using the cadmium reduction for nitrate
and ascorbic acid methods for phosphorus and a 2.5 cm cell
length was used for the analyses. This method has a detection
limit of 0.02 mg L-1 for phosphorus and a limit of 0.2 mg L-1 for
nitrate and 0.002 mg L-1 for nitrite. The sum of the nitrogen
measurements was presented as total nitrogen. Statistically
signiﬁcant relationships were found with known concentrations
Copyright # 2011 John Wiley & Sons, Ltd.

when testing the spectrophotometer accuracy, but scatter in the
data was high (COV = 50%) at low nutrient concentrations.
Consequently, sampling variance at low concentrations could
override differences in treatments but there was no prior reason
to expect differences in nutrient concentrations between the
management zones. A repeated-measures ANOVA was used to
test for differences in time and management for phosphorus,
total nitrogen, and turbidity.

Fisheries catch
Fisheries catch data from the Glover’s reef atoll were compiled
from a monitoring programme designed to determine trends in
landings and ﬁshing pressure at the atoll. Most ﬁshers originated
from Sarteneja, Belize and operated long-distance sailboats for
trips of over a week and largely rely on Hawaiian slings or
spearguns and, to a lesser extent, traditional hand lines. Fishing
for conch and lobster is seasonal, due to seasonal closures, and
largely drives the seasonal migrations. Each sailboat berthed
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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approximately six to eight ﬁshers who used their individual ‘dories’
or canoes from which to ﬁsh during the day.
On each sampling trip, approximately three boats were
sampled with ﬁve or more ﬁshers on each sailboat. Sampling
was done on three consecutive days per month depending on
the presence of Sarteneja sailboats. Catch data were collected
usually when ﬁshers returned to the sailboat at midday. For
each ﬁsher’s catch, the name of the ﬁsher, family of catch,
fork or tail length size (cm), weight (g), ﬁshing gear, and total
ﬁshing effort (hours ﬁshed) were recorded. Fish identiﬁcation
was done to gross groups or common names; for example the
catch group parrotﬁsh largely comprised two species (Scarus
viride and Scarus aurofrenatum) (Appendix 1). Catch per unit
effort (CPUE) by weight of ﬁnﬁsh per hour is presented.

Fish population estimates
Fish were sampled to determine the changes in the species
richness and main families and functional groups over time.
Visual counts of ﬁsh were carried out using the discrete group
sampling (DGS) method where a limited number of species
were sampled during a single sampling period (Greene and
Alevizon, 1989). The shallowness and small size of patch reefs
did not permit the use of standard belt transects or point counts
and, therefore, a 5 min search interval was used to sample ﬁsh.
During the total 35 min sampling period the investigator swam
haphazardly over each patch reef and recorded the number of
species and individuals in each of seven groups for a 5 min
interval species (Humann, 1993). Individual ﬁsh less than 3 cm
were not counted and ﬁsh sizes and biomass were not recorded.
Species were separated into discrete groups based on their
taxonomy and position in the reef or water column. Each of the
following seven discrete groups were sampled separately: Group 1
Chaetodontidae (butterﬂyﬁshes) and Pomacanthidae (angelﬁshes);
Group 2 Acanthuridae (surgeonﬁshes); Group 3 Haemulidae
(grunts), Sparidae (porgies) and Lutjanidae (snappers); Group 4
Scaridae (parrotﬁshes); Group 5 Labridae (wrasses); Group 6
Spyringnea (barracuda), Balistidae (triggerﬁsh), Aulostomidae
(trumpetﬁsh), Carangidae (jacks), Serranidae (groupers) and
Chromis sp.; and Group 7 benthic Pomacentridae (damselﬁshes).
Species were pooled into families and trophic categories, based on
their feeding and size characteristics (Randall, 1967; Appendix 1)
for some of the presentation and statistical analyses. Body size was
used to distinguish the herbivorous ﬁsh, as this was expected to
inﬂuence their susceptibility to ﬁshing. Consequently, large
herbivores, included surgeonﬁsh and all parrotﬁsh except the
striped parrotﬁsh, and small herbivores, included the brown
damselﬁsh and striped parrotﬁsh.

edge to centre of each patch reef (McClanahan, 1999). The
tethered individuals were inspected after ~24 h to determine the
number of individuals that died over each daily interval and
classiﬁed by the condition of the carcass (McClanahan and
Muthiga, 1989). A predation index was calculated where the
Predation Index = 1 – S/1 where S is the survival if either a 0 (if
dead) or a 1 (if alive) individual was found.

Herbivory assays
Herbivory was studied nine times between 1997 and 2009 in the
two management zones using assays of the seagrass Thalassia
testudinum, which has a moderate palatability and shape that
makes it a useful generic assay (Hay, 1981). Seagrass blade
tips were collected and visually inspected to avoid pre-bitten
or epiphyte-covered samples. Seagrass blades were cut to a
standard 10 cm length, clippings were held by weighted
clothespins, and attached to a line fastened on the reef at
~2 m intervals (McClanahan et al., 1994). Three lines were
haphazardly placed from edge to centre positions on the patch
reefs and ten clippings were positioned on each line. Assays
were left for 24 h before inspection. Divers recorded whether
or not the samples had been bitten, the amount of seagrass
bitten (to the closest 0.5 cm), and based on bite scar
characteristics the type of herbivores responsible for the bites,
ﬁsh or sea urchin (Hay, 1981; McClanahan et al., 1994). This
herbivory assay method is biased towards macrophyte-feeding
species and underestimates herbivory by some groups that do
not feed on macrophytes, including some grazing surgeonﬁsh.
This method when combined with counts of herbivores
provides an additional perspective on herbivory (McClanahan
et al., 1994; Fox and Bellwood, 2008).

Benthic cover and algal biomass
Benthic cover on each patch reef was assessed by the line
intercept method. Three 10 m lines were laid haphazardly but
parallel to the patch reef’s windward north-east edge. One
transect was laid in three positions: on the edge (the transition
from the sand to patch reef), shoulder (shallow windward
edge), and centre. Canopy cover under a draped transect line
of the benthic groups >3 cm was measured to the nearest
centimetre and taxa were identiﬁed to the species for stony
corals (Humann, 1993), the genus for ﬂeshy and calcareous
algae (Littler and Littler, 2000), and by gross functional
groups for encrusting coralline algae, turf, seagrass, sand,
sponge, soft coral, and zoanthids. Percentage cover for each
group was estimated as the sum of each cover category
divided by the sum of all categories.

Sea urchin density and predation experiments

Data analyses

Sea urchins were studied to determine the potential impacts of
ﬁsheries management on their populations and herbivory rates.
All sea urchins were counted in nine, 10 m2 circular plots per
patch reef distributed haphazardly by the toss of a weighted line
from the edge to centre of the reef. Echinometra viridis were the
only species found in abundance (>1 ind per 10 m2) and the
presentation of results is therefore, restricted to this species.
Predation was estimated by tethering experiments where
individual E. viridis were pierced with a hypodermic needle,
threaded with monoﬁlament line, and tied to loops at ~ 2 m
intervals on three lines (10 urchins per line) distributed from the

Data were frequently presented as time series and two-factor
ANOVA tests of signiﬁcance of time, management, and their
interaction applied when data ﬁt the assumptions (Sala et al.,
2001). Detrended correspondence analyses (DCA) were also
presented on the multi-taxa groups of ﬁsh trophic levels and ﬁsh
family groups to evaluate changes in ﬁsh community structure
over time and management. Data pooled at the ﬁsh family and
trophic groups were seldom normally distributed and, therefore,
non-parametric Wilcoxin tests were undertaken to compare
differences between the management zones. Numbers of ﬁsh
species were, however, normally distributed and ANOVA tests

Copyright # 2011 John Wiley & Sons, Ltd.
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of time, management, and their interaction were undertaken to
test for differences over time and treatment. Fisheries catch data
were presented as the caught weight CPUE for each ﬁnﬁsh group.

Table 1. Summary and t-test comparisons of water ﬂow (cm s-1)
between the Conservation and General Use zones within each year
and between years within each zone
Conservation zone

RESULTS
Physico-chemical measurements


Average daily water temperatures ranged from 21 C in

December/January to 31 C in September/October and did
not differ signiﬁcantly between the two management zones
although temperature varied more in the Conservation than
in the General Use zone (Figure 2). Current speed was slow
and varied from 3.9 to 4.8 cm s-1, with statistical but no
consistent differences between the management zones or the
years sampled (Table 1). For example, current speed was
higher in the General Use zone than in the Conservation zone
in 2002, but the opposite occurred in 2004. Moreover, sites
within the Conservation zone showed no statistical differences
between years while the sites within the General Use zone had
signiﬁcantly higher current speeds in 2002 than 2004. Nutrient
concentrations and turbidity were also low and showed no
statistical differences between the management zones (Table 2).

Fisheries catch
Fisheries catch data were collected for a total of 74 days and a
total of 110 Sarteneja ﬁshers were sampled, ranging from 21
ﬁshers in 2005 to 45 ﬁshers in 2008. A total of 54 ﬁnﬁsh species
and 1202 individuals were recorded during the period 2005 to
2008. Parrotﬁsh CPUE was ~2.5 times higher than the other

Year
Mean
SEM
2002
3.96
0.23
2004
4.64
0.19
Comparison between years
t=
1.69
P<
NS

General Use zone
Mean
4.79
3.90

Comparison

SEM
0.20
0.18

t=
2.67
2.43

P<
0.01
0.05

2.82
P < 0.01

NS = not statistically signiﬁcant.

Table 2. Concentrations (mean  SD) of phosphorus (PO4), total N,
and turbidity in the Conservation and General Use zones. Repeatedmeasure MANOVA tests found no differences for comparisons
between management zones
Parameter

Management

Mean

SD

Sample
size

Phosphorus, mg L-1

Conservation
zone
General Use
zone
Conservation
zone
General Use
zone
Conservation
zone
General Use
zone

0.03

0.01

48

0.03

0.01

48

0.06

0.01

40

0.06

0.01

40

1.50

0.71

48

1.38

0.53

48

Total nitrogen, mg L
1

Turbidity, mg L

-1

-

Figure 2. Time-series and summary statistics of temperature variations in the Conservation and General Use zones.
Copyright # 2011 John Wiley & Sons, Ltd.
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Figure 3. Catch per unit effort (CPUE mean  SEM) of ﬁsh caught at Glover’s reef General Use zone between 2005 and 2008.

target groups at 2.39  2.34 (SD) kg h-1 person-1 (Figure 3).
The rest of the catch was composed of carnivores and each
catch group varied from ~0.25 to 0.80 kg h-1 person-1 and total
catch averaged 5.1  0.56 kg h-1 person-1.

Coral reef ﬁsh abundance
The overall abundances of ﬁnﬁsh depended on the trophic groups
(Appendix 1), the family and the species of ﬁsh. In general, the
larger-bodied carnivorous species including piscivores (jacks,
barracuda, groupers, and trumpetﬁsh), and sea urchin predators
(mostly porgies and hogﬁsh) showed signiﬁcantly higher
abundances in the Conservation than the General Use zone
(Table 3) and increased signiﬁcantly over the sampling period
(Figure 4). The abundance of large herbivores including
surgeonﬁshes and parrotﬁsh was also on average higher in the
Conservation zone than the General Use zone (Table 3) and
had increased signiﬁcantly (~28%) by 2008 with a small decline
in both zones in 2009.
Total herbivore numbers were not different between zones,
and small herbivores showed a general decline over time in
both zones and were more abundant in the General Use zone.
Although ﬁsh that feed on sponges did not show signiﬁcant
differences between the management zones, abundances
increased in both management zones from <1 to 3 ind per
5 min count until 2008 but, in 2009, no sponge-eaters were
encountered on patch reefs in the General Use zone.
Detrended correspondence analyses (DCA) showed that both
zones had mainly herbivores at the start of sampling with a
move towards higher trophic levels (piscivores and micro- and

macro-invertebrates) in the Conservation zone while showing
no signiﬁcant changes in trophic groups in the General Use
zone (Figure 5)
Comparisons of the ﬁsh families showed that, in general, the
wrasses, grunts, damselﬁsh, and parrotﬁsh were the most
abundant ﬁsh families ranging from 50 to 135 ind per 5 min
count (in order of increasing numbers), while the butterﬂyﬁsh,
groupers, goatﬁsh, jacks, angelﬁsh and porgies occurred in very
low abundances < 2 ind per 5 min count (Table 4). Large
parrotﬁsh occurred in much lower abundances (~20 ind per
5 min count) than small parrotﬁshes (~100 ind per 5 min count).
In general, the total number of species showed a signiﬁcantly
larger increase in the Conservation zone (19 to 27) than in the
General Use zone (17 to 20) over the study period (Figure 6).
Changes in abundances of ﬁsh families over time depended on
the taxa (Figure 7). Snappers showed the largest increases (13–72
ind per 5 min count) within the Conservation zone while
remaining at ~7 ind per 5 min count in the General use zone.
Grunts and surgeonﬁsh increased in the Conservation zone and
showed lower numbers but no consistent trends in the General
Use zone. Angelﬁsh on the other hand increased in both zones
and although the overall numbers were generally low they were
signiﬁcantly higher in the Conservation zone by 2009. There
were no signiﬁcant changes in time or between the different
management zones in either the butterﬂyﬁsh or wrasse numbers
but the parrotﬁsh showed a 60% decrease in both management
zones, which was largely attributable to a decrease in the small
parrotﬁshes. Damselﬁsh were the only group that showed a
signiﬁcant increase in numbers in the General Use zone (58%)
and a small increase in the Conservation zone (17%) after 1999,

Table 3. Average abundance of ﬁsh (mean  SEM ind per 5 min) categorized by trophic group between the Conservation and General Use zones.
Classiﬁcation of species by trophic groups described in Appendix 1
Trophic categories

Conservation zone

All herbivores
Piscivores
Macroinvertivores
Microinvertivores
Sponge eaters
Small herbivores
Large herbivores

Mean
283.64
16.46
2.18
158.86
0.96
179.13
104.52

Copyright # 2011 John Wiley & Sons, Ltd.

General Use zone
SEM
33.22
3.52
1.33
20.37
0.80
24.81
14.35

Mean
298.00
4.10
0.95
125.80
0.82
209.25
88.75

Statistical comparison
SEM
27.36
1.76
0.78
13.43
0.66
19.29
12.87

Wilcoxon Z-statistic
1.23
6.04
3.36
4.75
1.62
3.44
2.23

P -value
NS
<0.0001
<0.001
<0.0001
NS
<0.001
<0.05

Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)

TESTING FOR TOP-DOWN CONTROL

665

Figure 4. Changes in the number of individuals (mean  SEM ind per 5 min) in different trophic categories of the ﬁsh groups in the Conservation and
General Use zones from 1998 to 2009.

which was attributable to an increase in the damselﬁshes
Stegastes spp. The DCA of the ﬁsh families (Figure 8) also
showed changes away from parrotﬁsh and butterﬂyﬁsh at the
beginning of the period in both zones and towards more
groupers, porgies, goatﬁsh, and snappers in the Conservation
zone and towards more damselﬁsh in the General Use zone.

Sea urchins and predation
Echinometra viridis was the dominant sea urchin species
comprising 99.2% of the 20 291 urchins censused followed by
E. lucunter (0.76%), while Diadema antillarum, Tripneustes
Copyright # 2011 John Wiley & Sons, Ltd.

ventricosus and Eucidaris sp. were very rare (0.07%). Urchin
abundances changed in both management zones from 1996
showing an increase in the General Use zone (~15 to 70 ind per
10 m2) and a decrease in the Conservation zone (~30 to 15 ind
per 10 m2) from 1996 to 2008 and then a rise in 2009. Both time
and management were statistically signiﬁcant with management
being the stronger of the two variables (Figure 9(a)).
Within each patch reef, rates of predation on tethered
E. viridis were generally low (<35% eaten) but signiﬁcantly
higher along the deeper (Predation index = 0.26 and 0.39 for
General Use and Conservation zones, respectively) than
shallower transects (Predation index = 0.14 and 0.23 for
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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Figure 6. Changes (mean  SEM) in the number of species of ﬁsh in the
Conservation and General Use zones from 1998 to 2009.

Figure 5. Changes in the numbers of ﬁsh pooled into trophic groups in
the Conservation (CZ) and General Use zones (GUZ) from 1998 and
2009 based on a detrended correspondence Analysis (DCA). Solid
and dashed lines show temporal change of the General Use and
Conservation zones, respectively.

Conservation zone after the ﬁrst few years and the differences
were weakly signiﬁcant for time and management (Figure 10(a)).
There were also differences in the amount of the assays eaten
by sea urchins and by ﬁsh, with greater losses attributed to sea
urchins in the Conservation zone at the beginning of the study
period, which declined from ~20 to 10% over time (Figure 10
(b)). Bites attributed to sea urchins increased from ~0 to 15% in
the General Use zone by 2004 and then declined to ~5% in
2009. Bites attributed to ﬁsh in the Conservation zone increased
from 20% peaking at 45% in 2004 and subsequently declined
to ~ 30% in 2009. Herbivory attributed to ﬁsh in the General
Use zone declined from 20% to ~10% between 1996 and 1999
and remained relatively constant at this level up to 2009.

General Use and Conservation zones, respectively). Predation
rates increased quickly in the Conservation zone after 1996
then slowly decreased between 1998 and 2004 and increased
again until 2009, such that the total rate approximately
doubled from ~0.15 to 0.30 over the 14-year period. The
Predation index steadily declined in the General Use zone,
from ~0.32 to 0.10 over the 14-year period (Figure 9(b)).

Herbivory
Herbivory rates on assays of Thalassia testudinum blades indicate
a generally low level of herbivory with < 35% of the assays being
bitten per day (Figure 10(a)). The two management zones had
similar levels of herbivory during the initial part of the study
(~20%) and appeared to track each other over time. The
amount of the assay eaten declined for a few years and
increased after 2001 until 2004 and then remained largely
constant until 2009. Total herbivory was slightly higher in the

Benthic substratum
Erect ﬂeshy algae (~46%) dominated the benthic cover followed by
hard coral (~17%), turf algae, red coralline, and green calcareous
algae (9%, 8%, 5% respectively) while sand, sponge, and seagrass
were < 6% of the substratum cover (Figure 11). Fleshy algae
showed some ﬂuctuations, increasing after 1998 and declining
slightly after 2002 with no signiﬁcant difference between the

Table 4. Average ﬁsh densities (mean  SEM ind per 5 min) of the main ﬁsh families within the Conservation and General Use zones between 1998 and
2009
Conservation zone
Family category

Mean

SEM

Chaetodontidae
Pomacanthidae
Lutjanidae
Sparidae
Haemulidae
Large parrotﬁshes
Small parrotﬁshes
Scaridae (all)
Acanthuridae
Labridae
Pomacentridae
Carangidae
Kyphosidae
Sphyraenidae
Gerreidae
Mullidae
Serranidae

3.57
0.96
21.76
1.33
71.02
20.86
100.80
121.66
20.82
49.82
78.33
2.72
0.16
1.62
0.86
1.02
1.11

0.25
0.15
2.21
0.21
4.98
1.20
5.49
5.78
1.42
2.27
2.87
0.50
0.05
0.38
0.32
0.20
0.12

Copyright # 2011 John Wiley & Sons, Ltd.

General Use zone
Mean
3.32
0.82
8.15
0.70
60.23
20.39
115.46
135.85
15.99
49.47
93.80
1.81
0.00
0.16
0.00
0.90
0.70

SEM
0.28
0.17
0.91
0.15
9.01
1.47
13.17
13.21
1.05
2.37
3.58
0.51
0.00
0.07
0.00
0.16
0.11

Statistical comparison
Wilcoxon Z-ratio
0.83
1.62
5.14
2.09
3.78
0.99
0.28
0.29
2.34
0.18
3.08
2.60
5.28
0.62
2.97

P-value
NS
NS
< 0.0001
< 0.05
< 0.001
NS
NS
NS
< 0.05
NS
<0.01
<0.01
<0.0001
NS
<0.01
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Figure 7. Changes in number of individuals (mean  SEM) of some of the dominant ﬁsh groups in the Conservation and General Use zones from 1998
to 2008. Scaridae are pooled into total, small and the large species.

management zones and the time–management interaction
(Figure 11). Hard coral cover on the other hand showed a
weakly signiﬁcant decline in the Conservation zone; most of this
occurred between 1998 and 2001 (~26% at the time of closure to
10%) and a slight recovery to ~15% by 2009. Hard coral cover
remained relatively stable at ~15–20% in the General Use zone
and there was a weak difference between management zones.
Calcifying algae (both green and red) showed signiﬁcant time
and management interactions but the differences in time and
management were not consistent between the green and red
calcifying algae – green increasing and staying only slightly more
abundant in the Conservation zone over time, but changes in red
corallines were not consistent with management and not different
Copyright # 2011 John Wiley & Sons, Ltd.

at the end of the study. The same inconsistent patterns with
management were also observed for seagrass cover.

DISCUSSION
The development of areas closed to ﬁshing is likely to be one of
the primary management tools that can potentially reverse or
rehabilitate reefs that have undergone the reported ecological
change in the Caribbean and elsewhere (Mumby et al., 2006a,
2007a, 2007b; Hughes et al., 2007; Selig and Bruno, 2010). The
trophic cascade and herbivore-control model could help local
management of what are, at a minimum, regional-, but largely,
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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Figure 8. Changes in ﬁsh families the in the Conservation and General
Use zones from 1998 and 2009 based on a detrended correspondence
analysis (DCA). Solid and dashed lines show temporal change of the
General Use (GUZ) and Conservation zones (CZ), respectively.

global-level changes associated with some combination of
warming sea water, increased disease, declining consumers and
herbivores, and strong oceanographic oscillations (McClanahan,
2002; Schutte et al., 2010). Fisheries closures have the potential
for improved management and resilience to climate disturbances
but empirical tests at the appropriate scale and against

alternative hypotheses are needed before the recommendation
can be broadly supported (Mumby and Harborne, 2010).
The results presented here are only weakly supportive of some
links in the trophic cascade hypothesis and not supportive of
others, at this 14-year time and 70 km2 closure scale of study.
The closure, for example, does produce an increase in the
numbers of some groups of ﬁsh reduced by ﬁshing and this
weakly increases some of the ecological processes of predation
on sea urchins and herbivory, based on the assay results. The
effect on the benthos is, however, not evident and the hard coral
cover declines in the Conservation zone were largely driven by
the 1998 ENSO warm water, bleaching, and coral mortality.
Despite somewhat higher predation on the seagrass assay in the
Conservation zone, there was also a notably small increase in
large herbivores. The larger effect was a switching of herbivore
dominance over time in the two management areas, where the
General Use zone experienced an increase in sea urchins and
damselﬁsh and the Conservation zone had slightly more large
herbivorous surgeonﬁsh (and possibly chub and damselﬁsh)
over time. Overall, differences were not large, there was no
evidence of a continuous increase, and many abundance
patterns were unchanged over many years. The main responses
to the closures were among the piscivores (jacks, barracuda,
and groupers) and generalized consumers of invertebrates and
carnivores (snappers, grunts, and porgies). The further down
the food web from these top consumers, the less the response.

Figure 9. Changes (mean  SEM) in (a) the abundance and (b) predation rates on the sea urchin Echinometra viridis in the Conservation and General
Use zones between 1996 and 2009.
Copyright # 2011 John Wiley & Sons, Ltd.
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Figure 10. Patterns of herbivory (mean  SEM) on Thalassia
testudinum assays soaked for 24 h in the patch reefs of the
Conservation and General Use zones between 1997 and 2009. (a) The
proportion of seagrass eaten and (b) percentage of bites attributable
to sea urchins or ﬁsh based on bite scar characteristics.

The lack of support for the management hypothesis can be
attributed to a number of issues: these include: (1) a poor or
overly simpliﬁed view of ﬁshing effects, the food web, and
cascade response; (2) attenuation of the cascade effect towards
the lower trophic levels due to food web complexity; (3)
insufﬁcient compliance, closure time, and space; (4) an
ecological hysteresis or irreversibility effect caused by the
establishment of the closure after rather than before critical
levels of the ﬁshing and environmental disturbances; (5) patch
reef habitat or Glover’s Atoll site speciﬁcity; and (6) overriding
environmental disturbances, such as oceanographic oscillations
and a warming climate. It is likely that all of these factors
contributed to the weak support for the cascade model, as the
hypotheses are not mutually exclusive, can interact, and fully
represent the ecological complexity that inﬂuences ecosystems
and any large-scale management experiments. These factors
and the evidence for and against these alternatives are brieﬂy
discussed below.
The expectation that closures should increase herbivores is
reasonable given that parrotﬁsh are the major take in the
open-access ﬁshery of the north end of the atoll and there is
Copyright # 2011 John Wiley & Sons, Ltd.
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generally a positive relationship between the response of ﬁsh to
closures and their exploitation rates (Guarderas et al., 2011).
Parrotﬁsh response to closure was, however, difﬁcult to detect
and the larger recovery responses were among the groups with
lower CPUE, including various piscivores and micro- and
macro-invertivores. The largest relative response was among the
piscivores, their numbers approximately quadrupling, most
notably the barracuda and snappers. This observation raises the
possibility that increases in piscivores are suppressing the
recovery of herbivores and that these large herbivores may have
intrinsically low population growth rates that respond very
slowly to closures, particularly in the presence of barracuda and
other predators. Evidence for control by piscivory was weak but
could include the increase in damselﬁsh in the General Use zone
over time that might indicate their release from predators. Yet,
there was also a smaller increase in damselﬁsh numbers in the
Conservation zone and careful studies of their populations ﬁnd
they are most affected by coral microhabitats (Precht et al.,
2010). Nevertheless, small parrotﬁsh declined in all zones over
time suggesting some larger-scale pattern inﬂuencing their
numbers rather than piscivory. Consequently, piscivore control
remains a viable alternative explanation but difﬁcult to validate
and tease apart from other explanations, such as reduced
reproduction and recruitment, with the existing data.
The complexity of the food web and the existence of
omnivory, parasitism, and braided feeding pathways may
attenuate the full strength of the trophic cascade (Polis and
Strong, 1996). There are, however, a number of examples of
trophic cascades in marine ecosystems and coral reefs (Pinnegar
et al., 2000). Nevertheless, the multiple pathways and different
susceptibilities to ﬁshing and predation seldom produce cascades
that predictably inﬂuence gross trophic levels determined by the
number of levels in the food chain (Hairston and Hairston,
1997; Solomon et al., 2010). Greater complexity in coral reef
food webs is likely to cause the switches in dominance observed
here, such that processes such as herbivory are potentially
compensated for by other species or functional groups when one
is reduced by ﬁshing or predation. This has been shown, for
example in East African reefs, where sea urchins play a key role
in maintaining herbivory when their predators and herbivorous
ﬁshes are reduced through ﬁshing (McClanahan et al., 1999). A
similar effect was observed here where damselﬁsh and the sea
urchin, Echinometra viridis, increased when their predator
numbers were low and were partially able to compensate for the
decline in the larger parrotﬁsh.
Our measurements and biases in the herbivory assay do not
allow us to quantify the potential compensation in herbivory by
the different herbivore groups. Regardless, a key ﬁnding is that
erect frondose and other algae did not change in the predicted
direction in either of the management areas over the full length
of this study. Therefore, it would seem that the potential
top-down cascade was attenuated at the level of herbivores for
at least 14 years. Changes, such as these, can however, have
different quantitative and qualitative effects because, for
example, low functional redundancy (Bellwood et al., 2003) and
the speciﬁc inﬂuences created by the compensating species can
produce changes in community structure and associated
processes, such as productivity and calciﬁcation (O’Leary and
McClanahan, 2010). The species studied here are widespread
and abundant in the Caribbean and, therefore, the patterns
observed here are potentially common responses to ﬁshing and
closure management in the region. Site speciﬁcity and poor
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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Figure 11. Gross benthic cover functional group changes (mean  SEM) in the Conservation and General Use zones between 1996 and 2009.

management compliance are, however, a common criticism of
any case study that does not ﬁnd support for a widely
supported management intervention. Compliance is likely to
have been reasonable as the ﬁsheries department and
conservation NGO that manage the closure are located on an
island in the atoll. Perhaps, either movement of ﬁsh or ﬁshers
across boundaries may have inﬂuenced the poor response, but
this is difﬁcult to conﬁrm. The isolated and offshore nature of
this atoll, the single closure, and the evaluation of just the patch
reef habitat can potentially increase the chances that results are
site speciﬁc and reduce the generality of these ﬁndings.
Nevertheless, despite some evidence for trophic cascades in
Caribbean marine reserves (Guarderas et al., 2011), there are a
number of examples of ﬁsheries closures and habitats in the
Caribbean that have not behaved as predicted by the cascade
model (Williams and Polunin, 2001; Aronson and Precht, 2006;
Newman et al., 2006; Coelho and Manfrino, 2007; Huntington
et al., 2010).
The age of the closures may be important if ecological
hysteresis is a factor inﬂuencing recovery. The low numbers of
older Caribbean closures make it difﬁcult to be conﬁdent
whether the proliferation of closures after the major
disturbances in the Caribbean will have effects similar to older
closures, or if the reported recovery is speciﬁc to a few unusual
sites recognized for their conservation value many decades ago.
Copyright # 2011 John Wiley & Sons, Ltd.

For example, Selig and Bruno (2010) found that the positive
MPA effects in the Caribbean were found for closures with
>14 years of protection. Further, one of the best and most
successful old closures, Exuma Cays Land and Sea Park in the
central Bahamas, found <2% increase in absolute coral cover
over a 2.5 year period when macroalgal cover was <6%, while
coral cover did not increase in any sites where macroalgal
cover > 6% (Mumby and Harborne, 2010). Given that the
mean macroalgal cover in the Caribbean between 1996 and
2006 was reported as 23.6  0.8 (SE, n = 530) (Bruno et al.,
2009) around 65% of Caribbean reefs would have macroalgal
cover greater than this possible 6% threshold, a small number
of these would be in closures, and an even smaller number in
old closures. Further, this very small increase in coral cover
occurred over a period after the 1998 ENSO (2004–2007), a
period when no major climatic disturbances were reported at
this site. Consequently, the evidence that ﬁsheries closures
promote recovery and resilience of corals to climate change in the
Caribbean may be contingent on a number of factors, such as low
initial macroalgal cover, closures established before disturbances,
abundant parrotﬁsh, and infrequent climate disturbances. Few
of these factors are likely to simultaneously coincide or be
widespread, which, if contingent on age, habitat, and initial
benthic conditions (Huntington et al., 2010), greatly reduces the
generality and predictive strength of this management intervention.
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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Might the scale of disturbance from ﬁshing, diseases, and
coral bleaching in the Caribbean be so large that moderate sized
and isolated closures lack the potential to recover? Perhaps even
remote atolls, such as Glover’s reef, cannot simulate the
ecological conditions of large undisturbed seascapes that
preceded the changes initiated after 1981 without decades of
closure? The fact that sea surface temperatures in portions of
the Caribbean were equally warm in the mid-20th century
compared with the past decade (Barton and Casey, 2005) and
large-scale ecological change was not reported until after 1981
(Schutte et al., 2010) can be cited as evidence that large-scale
water quality and resource use interact with rising temperature
to degrade coral reef ecosystems (Jackson et al., 2001; Pandolﬁ
et al., 2003; Carilli et al., 2010). A series of diseases and the loss
of ﬁsh consumers are likely to have been proximate causes of
this transformation (Lessios et al., 1984; Schutte et al., 2010),
but mass-mortality from diseases often reﬂects environmental
conditions and, therefore, ultimate causes still remain unclear.
Further, declines in the common moderate trophic level ﬁshes,
many of them unﬁshed, seemed to have followed rather than
preceded the change (Paddack et al., 2009). The loss of the apex
predators, such as sharks may be important forces in promoting
trophic cascades that encourage parrotﬁsh through their
reduction of groupers and other piscivores (Bascompte et al.,
2005; Chapman et al., 2006) but this study was not a convincing
case for a cascade effect from sharks to corals. Shark numbers
have remained more widespread, abundant, and stable in
Glover’s reef than most Caribbean reefs (Chapman et al., 2005;
Pikitch et al., unpublished data), grouper numbers have
declined in Glover’s reef associated with heavy ﬁshing of their
spawning site (Sala et al., 2001), but groupers can also increase
in the presence of sharks (Mumby et al., 2006b).
Small and isolated closures and particularly patch reefs that
are further isolated may be among the reef types least likely to
recover quickly from closure management. In patch reefs,
communities are often less uniform and less inﬂuenced by
density-dependent ecological processes and possibly more
inﬂuenced by topographic complexity, larval recruitment,
stochasticity, and associated time lags (Ault and Johnson,
1998; McClanahan and Arthur, 2001; Huntington et al.,
2010). The fast recovery of generalist species, such as snappers
and grunts, in this study indicates that these vagile and
opportunistic species were the main beneﬁciaries under these
conditions They may, however, have a limited capacity to
drive some of the key ecological processes that transform the
benthic community. One result of our study that might
forebode future change was the continual rise in numbers of
species over this period, particularly in the Conservation zone,
and the potential for more gains and possibly the ecological
impacts of these recruiting species in the future.
Priority effects, hysteresis, and irreversibility are increasingly
being recognized as important processes in ecology with
implications for early detection, policy formation, and
management needs (Beisner et al., 2003; Biggs et al., 2009). There
is recognition of multiple stable states in coral reefs
(McClanahan et al., 2002; Nystrom et al., 2008; Mumby, 2009b;
Hughes et al., 2010) but the reversibility or irreversibility of these
states has only recently been explored (Dudgeon et al., 2010).
Early evaluations suggest that reversing states is not a simple
process and may depend on both successfully reducing the
causative stressors and having functional groups that play key
roles in reversing the change (McClanahan et al., 1996; Bellwood
Copyright # 2011 John Wiley & Sons, Ltd.
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et al., 2006). For example, it has been determined that despite the
considerable diversity of herbivorous coral reef ﬁsh, many will
not eat late-succession algae and reverse a shift back to corals
(McClanahan et al., 1999, 2001; Bellwood et al., 2006). Thus,
many species may be responsible for preventing the shift to erect
algal dominance, but few can reverse the condition (Bellwood
et al., 2006; Hoey and Bellwood, 2009). This has important
implications for the management of ﬁsheries closures in that
encouraging key species is required to promote reversibility and
not just the reduction of the ﬁshing stress. These key regime-shift
reversing species have not been identiﬁed in the Caribbean but
might include chubs, for example, or possibly species of parrotﬁsh
that are dependent on mangroves, which were not abundant at
Glover’s reef (Mumby et al., 2004). Clearly, this is a key area
for future investigation with application to reef restoration.
Physico-chemical environmental controls observed after the
warm water generated by 1998 ENSO promoted bleaching and
subsequent coral diseases and death in Belize (McField, 2002)
and other Caribbean reefs (Baker et al., 2008). This had the
largest net impact on the Conservation zone in the present
study, which started with higher and ended with coral cover
similar to the General Use zone over the course of this study.
There were not large or noticeable differences in the
physico-chemical environments in the two management
systems and the Conservation zone may have originally
contained more Montastraea and the General Use zone more
Acropora coral cover, with both zones having ~90% hard
coral cover in the early 1970s (Wallace, 1975). Acropora cover
probably declined in the 1980s along with most of the
Caribbean Acropora (Schutte et al., 2010) while the observed
decline in the Montastraea zone was probably the tail end of
a slower decline of this more robust genus (Edmunds and
Elahi, 2007). The decline in corals after 1998 and the lack of
recovery in the Conservation zone suggest physico-chemical
climate forces and past histories of diseases were the strongest
factors inﬂuencing hard corals in this study. Erect algae
colonized the dead surfaces and herbivores have not been able
to reverse the decline of hard coral (Aronson and Precht, 2006).
This study addressed the highly visible issues of the
interaction between climate, ﬁshing, and ﬁsheries closures
through a 14 year case study in a remote but ﬁshed coral reef
of the large Central American Barrier Reef System (West and
Salm, 2003; Bellwood et al., 2004; Hughes et al., 2010). The
ability of ﬁsheries closures to increase herbivory and reverse
the degradation of patch reefs on appropriately large temporal
and spatial scales was tested in a remote offshore area. The
impact of ﬁshing parrotﬁsh was present, and confounding
human inﬂuences, such as anthropogenic nutriﬁcation, were
minimal. The support for the ﬁshing control of parrotﬁsh and
cascading effect on erect algae was weak and more suggestive
of piscivore control or repulsion of parrotﬁsh by unpalatable
algae, but all of these forces may have inﬂuenced the response.
Larger and longer studies may ﬁnd support for the hypothesis,
but the changes were slow and some variables lacked any
detectable inter-annual changes towards the predicted
outcome. These results are unexpected and suggest a need for
evaluating more management systems, more contingencies,
and to reevaluate the ﬁsheries management objectives and
actions that will promote coral reef resilience to climate
change and ecosystem sustainability. This study indicates the
complexity of closures and the limits of their ability to resist
climate change. Management that focuses on the broad scale
Aquatic Conserv: Mar. Freshw. Ecosyst. 21: 658–675 (2011)
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restrictions of species important for resisting or reversing phase
shifts, such as the 2009 Belizean law to outlaw the take of
parrotﬁsh, may have more efﬁcacy than closures alone.
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APPENDIX: GLOVER’S FISH SPECIES
TAXONOMICAL AND TROPHIC
GROUP CLASSIFICATIONS
Family

Species

Trophic category

Common name

Acanthuridae

Acanthurus
bahianus
Acanthurus
chirurgus
Acanthurus
coeruleus
Aulostomus
maculatus
Balistes vetula

Large herbivores
Large herbivores

Ocean
surgeonﬁsh
Doctorﬁsh

Large herbivores

Blue tang

Piscivores

Trumpetﬁsh

Aulostomidae
Balistidae

Canthidermis
sufﬂamen
Carangidae
Caranx
bartholomaei
Caranx ruber
Chaetodontidae Chaetodon
capistratus
Chaetodon
ocellatus
Chetodon
striatus
Diodontidae
Diodon hystrix
Fistularidae
Fistularia
tabacaria
Gerreidae
Gerrus spp
Haemulidae
Haemulon
album
Haemulon
aurolineatum
Haemulon
ﬂavolineatum
Haemulon
plumieri
Haemulon
sciurus
Juv.grunts
Kyphosidae
Kyphosus
sectatrix
Labridae
Bodianus rufus
Clepticus
parrae
Halichoeres
bivittatus
Halichoeres
garnoti
Halichoeres
pictus
Halichoeres
radiatus
Lachnolaimus
maximus

Macroinvertivores Queen
triggerﬁsh
Macroinvertivores Ocean
triggerﬁsh
Piscivores
Yellow jack
Piscivores
Microinvertivores

Bar jack
Foureye
butterﬂyﬁsh
Microinvertivores Spotﬁn
butterﬂyﬁsh
Microinvertivores Banded
butterﬂyﬁsh
Macroinvertivores Porcupineﬁsh
Piscivores
Blue-spotted
cornetﬁsh
Microinvertivores Mojarra
Microinvertivores White margate
Microinvertivores

Tomtate

Microinvertivores

French grunt

Microinvertivores

White grunt

Microinvertivores

Blue-striped
grunt
Juvenile grunts
Chub

Microinvertivores
Large herbivores

(Continued)
Family

Species

Lutjanidae

Thalassoma
Microinvertivores
bifasciatum
Lutjanus analis Microinvertivores

Yellowhead
wrasse
Microinvertivores Rainbow
wrasse
Macroinvertivores Puddingwife

Microinvertivores

Grey snapper

Microinvertivores

Lane snapper

Scaridae

Large herbivores

Serranidae

Slippery dick

Microinvertivores

Microinvertivores

Small herbivores

Sparidae
Sphyraenidae
Synodontidae

Scarus
coelestinus
Scarus
croicensis
Sparisoma
aurofrenatum
Sparisoma
rubripinne
Sparisoma
viride
Epinephelus
cruentatus
Epinephelus
fulvus
Epinephelus
striatus
Mycteroperca
bonaci
Mycteroperca
interstialis
Calamus
bajonado
Sphyraena
barracuda
Synodus
intermedius

Common name
Bluehead
wrasse
Mutton
snapper
Schoolmaster

Lutjanus
apodus
Lutjanus
griseus
Lutjanus
synagris
Lutjanidae
Ocyurus
chrysurus
Mullidae
Mulloidichthys
martinicus
Pseudupeneus
maculatus
Pomacanthidae Holocanthus
ciliaris
Holocanthus
tricolor
Pomacanthus
arcuatus
Pomacanthus
paru
Pomacentridae Chromis
cyanea
Stegastes spp.

Macroinvertivores Spanish hogﬁsh
Microinvertivores Creole wrasse
Microinvertivores

Trophic category

Microinvertivores/ Yellowtail
piscivores
snapper
Microinvertivores Yellow goatﬁsh
Microinvertivores
Sponge eaters

Spotted
goatﬁsh
Queen angelﬁsh

Sponge eaters

Rock beauty

Sponge eaters

Gray angelﬁsh

Sponge eaters

French
angelﬁsh
Blue chromis

Microinvertivores

Small herbivores
Large herbivores
Large herbivores
Large herbivores

Brown Dames/
Damselﬁsh
Midnight
parrotﬁsh
Striped
parrotﬁsh
Redband
parrotﬁsh
Redﬁn parrot

Piscivores

Spotlight
parrotﬁsh
Graysby

Piscivores

Coney

Piscivores

Nassau grouper

Piscivores

Black grouper

Piscivores

Yellowmouth
grouper
Macroinvertivores Jolthead porgy
Piscivores
Piscivores

Great
barracuda
Sand diver

Macroinvertivores Hogﬁsh
(Continues)
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